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Abstract

Density and abundance estimates are critical to effective wildlife management and are essential for monitoring population 

trends and setting effective quotas for harvesting. Management of roan (Hippotragus equinus) and sable (H. niger) antelopes 

in Mudumu National Park (MNP), Namibia, is challenging because they are elusive, naturally unmarked, and believed to 

occur at low densities. The species are threatened by habitat fragmentation, human population growth, and illegal hunting, 

and reliable density and abundance estimates have not been quantified, hampering management and conservation plans. Our 

objective was to estimate roan and sable densities and abundances using the time in front of the camera model (TIFC) and the 

Poisson-binomial N-mixture model (PB), respectively. We also evaluated the effects of environmental and ecological variables  

on roan and sable abundance. We used data from two camera trap surveys conducted between March and September 2021 

in the MNP. Results showed that the TIFC model provided low-density estimates of 1.62 (95% CI 1.61–1.64) roans/km2 and 

2.46 (95% CI 2.42–2.50) sables/km2, consistent with trends reported in Africa where these species occur at low densities.  

In addition, the total abundance of roans and sables in the MNP from the PB model were 57 and 242, respectively. Higher  

roan abundance occurred in sites with higher grass cover. This study provides the first accurate camera trap-derived density  

and abundance estimates for roan and sable in the MNP, which will be critical for developing comprehensive conservation 

programs and strategies that are likely to reduce the risk of extinction for both species.

Keywords Effective detection distance · Field-of-view · Kavango Zambezi Transfrontier Conservation Area · Population 

ecology · Site covariates

Introduction

Effective and efficient wildlife management requires knowl-

edge of a system through state variables such as density and 

abundance estimates (Williams et al. 2002; Rowcliffe et al. 

2008; Nakashima et al. 2017). Estimating animal density 

and abundance is crucial for monitoring population trends 

and identifying factors that influence those trends including 

setting effective quotas for harvesting (Mace et al. 2008; 

Warbington and Boyce 2020; Finn et al. 2023). To collect 

sufficient data for population monitoring, techniques must 

be tailored to the species of interest, taking into account 

habitat configuration, species distribution, and seasonality 

(Warbington and Boyce 2020).

Aerial surveys have been used worldwide to monitor 

ungulates at the landscape level (Marshal et al. 2016; Western  

and Mose 2021; Davis et al. 2022). Aerial methods have 

advantages over ground-based surveys, such as collecting 

 * LineekelaOmwene T. Nauyoma 

 lineekelao@gmail.com

1 Department of Wildlife Management and Tourism 

Studies, University of Namibia, Private Bag 1096, Katima, 

Mulilo 9000, Namibia

2 Department of Biological Sciences, CW 405 

Biological Sciences Building, University of Alberta, 

Edmonton T6G 2E9, Canada

3 Departamento de Ciências Biológicas, Programa de 

Conservação Mamíferos Do Cerrado, Universidade Federal 

de Catalão, Campus II, Catalão, Goiás, CEP 75706-881, 

Brazil

4 Centro de Investigação Em Biodiversidade E Recursos 

Genéticos, CIBIOInBIO Laboratório Associado, 

BIOPOLIS Program in Genomics, Biodiversity and Land 

PlanningUniversidade Do Porto, Campus de Vairão, 

4485-661 Vairão, Porto, Portugal



 European Journal of Wildlife Research           (2024) 70:28    28  Page 2 of 13

count data at the landscape scale within a relatively short 

sampling period and accessing remote environments where 

accessibility either by foot or vehicle is limited (Marshal 

et al. 2016; Western and Mose 2021). Despite these advan-

tages, aerial techniques are subject to several potential 

sources of bias, including observer effects, weather con-

ditions, and species-specific characteristics (Schlossberg 

et al. 2016; Davis et al. 2022). In addition, aerial surveys 

are expensive and logistically challenging, especially in 

densely vegetated habitats where animals can evade detec-

tion (Nakashima et al. 2017; Gilbert et al. 2021; Harris et al. 

2020). A consequence from these sources of error is mis-

guided conservation management strategies (Davis et al. 

2022).

Alternatives to aerial surveys for ungulates include dis-

tance sampling and non-invasive camera traps (Nakashima 

et al. 2017; Gilbert et al. 2021; Pal et al. 2021; Warbington 

and Boyce 2020). Camera trapping is an efficient remote 

tool that uses infrared and motion to detect animals crossing 

through the camera field-of-view (O’Connell et al. 2011; 

Burton et al. 2015). Camera traps reduce the amount of 

fieldwork required to collect quantitative data, as they oper-

ate 24 h a day for several weeks at a relatively low labor 

cost (O’Connell et al. 2011; Burton et al. 2015). Despite 

these benefits, challenges remain in terms of using camera 

trap datasets to accurately and precisely estimate the density 

and abundance of unmarked species (Gilbert et al. 2021; 

Becker et al. 2022). Various approaches have been developed 

and applied specifically to estimate the density and abun-

dance of unmarked species, including time in front of the 

camera model (TIFC; Warbington and Boyce 2020; Becker 

et al. 2022), the random encounter and staying time model 

(Nakashima et al. 2017), Poisson-binomial N-mixture model 

(Royle 2004), and the random encounter model (Rowcliffe 

et al. 2008). Considering their infancy, there is a need to 

explore these estimators’ suitability for unmarked antelopes 

in various habitats and contexts.

In this study, we applied the TIFC and PB models to esti-

mate the density and abundance of roan and sable. TIFC is 

a straightforward method and is useful for data-poor species 

because it makes no assumptions about home range size and 

is not mathematically challenging (Warbington and Boyce 

2020). TIFC provided results comparable to aerial surveys 

when sources of potential bias are accounted for, such as 

removing prolonged periods when animals were investigat-

ing the camera (Becker et al. 2022). Another abundance 

estimator suitable for unmarked ungulates is the PB model 

(Royle 2004; Nakashima 2019). The PB model is a hierar-

chical model that partitions observed replicated count data 

into the true ecological state and the observation state (Royle 

2004; Dail and Madsen 2011). These characteristics of the 

TIFC and PB models lend them to be convenient methods 

compared to other statistical demography frameworks such 

as capture-recapture, which require intensive effort and can 

be difficult to implement (Royle 2004; Dail and Madsen 

2011).

Roan (Hippotragus equinus Desmarest, 1804) and 

sable (Hippotragus niger Harris, 1838) antelopes are elu-

sive, naturally unmarked, and widely distributed in Africa 

(Ansell 1971; Martin 2003; Kimanzi 2011). Both species 

are water-dependent and generally stay within 2 to 5 km of 

water (Martin 2003; Kimanzi 2011; Havemann et al. 2016). 

Both antelopes occur naturally in the northeastern part of 

Namibia, including Mudumu National Park (MNP), an area 

receiving over 400 mm of rainfall (Martin 2003). Density 

and abundance trends of roan and sable populations at MNP 

were unknown, but recent estimates using aerial survey data 

showed that roan had an increasing trend and sable a stable 

trend from 1980 to 2019 (Nauyoma 2023, submitted) and 

unpublished distance sampling data suggest low popula-

tion sizes (Supplementary Information 2, Table S2; Martin 

2003; Namibian Association of CBNRM Support Organisa-

tions (NACSO) 2023). Threats to roan and sable in the MNP 

include population isolation due to the international veteri-

nary fence between Namibia and Botswana, and the ramifi-

cations of increasing human encroachment to the Park (i.e., 

illegal hunting and inter-competition with cattle) (Martin 

2003; Naidoo et al. 2022). To mitigate these threats, intro-

ductions from these populations led to the establishment of 

other populations outside their natural range throughout the 

country, such as the roan and sable populations in Etosha 

National Park (ENP) and Waterberg Plateau National Park 

(WPNP) in the late 1970s and early 1980s (Martin 2003). 

The ones at ENP are now extinct (Turner et al. 2022) and 

Alfeus (2022) showed a negative population growth for the 

roan and a zero-population growth for the sable at WPNP. 

Other important factors reported to increase decline in roan 

and sable populations include habitat change, rainfall vari-

ability with associated droughts and floods, anthrax, ille-

gal hunting, and predation by African lions (Panthera leo) 

(Kimanzi 2011; Havemann et al. 2016). Both antelopes are 

listed as species of Least Concern (IUCN Species Survival 

Commission Antelope Specialist Group 2017). However, 

this classification may be due to insufficient abundance and 

distribution data (IUCN Species Survival Commission Ante-

lope Specialist Group 2017). In fact, accurate abundance 

estimates of roan and sable are lacking for most populations, 

although it is widely accepted that most populations across 

these species range are on a declining trend (Havemann et al. 

2016).

Specific objectives were to (1) estimate the density and 

abundance of unmarked roan and sable populations by 

applying the TIFC and PB models, respectively, to cam-

era trap data from the MNP and (2) evaluate the effects of 

environmental and ecological variables on roan and sable 

abundance in native populations based on camera trap data.
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Materials and methods

Study area

The study was conducted in the Mudumu National Park 

(MNP) (c. 1010  km2; 18.0965° S, 23.5252° E) (Fig. 1), 

located in northeastern Namibia. The Park is bordered in 

the West by the Kwando River and Botswana and also 

by five communal conservancies. The Park is part of 

the Kavango Zambezi Transfrontier Conservation Area 

(KAZA TFCA), where it is a migratory route and serves 

as a source of wildlife species for adjacent conservancies 

(Brennan et al. 2020; Stoldt et al. 2020). The area has three 

seasons: wet (January–May), dry (June–September), and 

hot-dry (October–January) (Leggett 2006). Average annual 

rainfall ranges between 740 and 1000 mm and average 

annual temperature ranges from 5 to 35 ˚C (Schlettwein 

et al. 1991; Mendelsohn and Roberts 1997). Vegetation 

falls under the tree and shrub savanna biome composed 

of tall and high closed and tall open woodlands as well 

as tall open and high closed grassland. Tall grass species 

such as Aristida stipitata and A. meridionalis occur in the 

study area, and both roans and sables hide their calves in 

these tall grasses during the calving period (Martin 2003; 

Kimanzi 2011). Other large mammals in the Park include 

the elephant (Loxodonta africana), giraffe (Giraffa camel-

opardalis), eland (Taurotragus oryx), African buffalo 

(Syncerus caffer), Burchell’s zebra (Equus burchelli), blue 

wildebeest (Connochaetes taurinus), tsessebe (Damalis-

cus lunatus), and impala (Aepyceros melampus). Predators 

include the African lion, leopard (Panthera pardus), spot-

ted hyena (Crocuta crocuta), cheetah (Acinonyx jubatus), 

African wild dog (Lycaon pictus), caracal (Caracal cara-

cal), and black-backed jackal (Canis mesomelas) (Fabiano 

et al. 2020).

Study design

A regular grid with a cell size of 2 × 2 km was superim-

posed on the MNP vegetation layer similar to other studies 

of ungulates using camera traps (Gray 2017; Fabiano et al. 

2020; Alfeus 2022). We applied a stratified sampling scheme 

Fig. 1  Map of the study area showing the two camera traps surveying blocks within the Mudumu National Park, northeastern Namibia. Insert 

shows the location of the Park in relation to the Kavango Zambezi Transfrontier Conservation Area (KAZA TFCA)
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according to vegetation structure in two spatial sampling 

Blocks each of the 25 grid cells (Fig. 1). Inter-camera trap 

stations distance was 2 km similar to a study of other ungu-

lates (Phumanee et al. 2020). Due to the limited number of 

cameras, we used a rotational sampling approach where 24 

cameras were deployed in Block B during the wet season 

(March to May 2021) and 25 cameras in Block A during the 

dry season (June to September 2021) (e.g., Phumanee et al. 

2020). The difference in sampling effort between blocks was 

due to inaccessibility caused by flooding to one site. Cam-

eras were operational for an average of 43 (11 ± standard 

deviation) and 47 (24 ± standard deviation) consecutive days 

in Blocks B and A, respectively. These sampling periods are 

similar to those from other studies on ungulates using cam-

era traps (e.g., McCollum et al. 2018; Phumanee et al. 2020).

Camera trap surveys

We used Panthera v 7 incandescent-flash cameras with pas-

sive infrared sensors (Camera Trap V7 User Guide 2020). 

A single camera was mounted facing north or south at 1 m 

above the ground on the tree nearest to the center of a grid 

cell (Alfeus 2022). Cameras were set to take three photo-

graphs within 0.25 s. Cameras could only take one photo 

at night after each detection, with a 15-s interval between 

images, and recorded date and time of each photo taken 

(Camera Trap V7 User Guide 2020). Effective detection 

distance was set to 10 m, and we placed cameras in an open 

10 m field-of-view with fewer tree trunks or thick patches 

of trees or shrubs.

Site covariates

Based on the patterns of spatial distribution of roan and 

sable study by Nauyoma (2023, submitted), two site covari-

ates (grass cover and termite mounds) were hypothesized 

to influence roan abundance in the wet season (Block  

B) and two site covariates (grass cover and risk of predation) 

in the dry season (Block A). In addition, two site covari-

ates (shrub and tree species diversity and grass cover) were 

hypothesized to influence sable abundance in both wet and 

dry seasons. Given our relatively small sample size, our 

model could not include detection covariates, although some 

abundance covariates we considered in this study may also 

have influenced the detection of the two species. To esti-

mate tree and shrub species diversity (henceforth vegetation 

diversity) and grass cover, we collected data following the 

nested sampling design with three plots (i.e., 1 by 1 m, 10 

by 10 m and 30 by 30 m quadrats) around each camera trap 

(Stohlgren et al. 1995). All live shrubs and trees within the 

10 by 10 m and 30 by 30 m quadrats were identified and 

counted, respectively. We defined a juvenile shrub (≤ 0.5 m) 

and adult shrub (< 4 m tall) as woody plants, with multiple 

stems and a juvenile tree (≤ 4 m) and adult tree (> 4 m tall) 

as woody plants with one or few main stems (Gaillard et al. 

2018; Le Roux et al. 2018). We applied the Shannon–Wiener 

Index to compute vegetation diversity, which we used as a 

proxy for forage availability, hiding cover from predators, 

and habitat structure (García-Marmolejo et al. 2015). Grass 

cover was estimated by a single observer as the percent-

age of the 1 by 1 m quadrat covered by grasses (Singh and 

Buckingham 2015). Grass cover was used as a proxy of for-

age availability. For termite mounds, we counted all mounds 

within a 50-m radius of each camera trap location (Anderson  

et al. 2016; McCollum et al. 2018). Termite mounds are 

ungulate hotspots because of their natural salts and for sup-

porting stoloniferous grasses, forbs and shrubs (Mobæk 

et al. 2005; Phumanee et al. 2020). Risk of predation was 

based on the detection of either the African lion, leopard, 

spotted hyena, African wild dog, cheetah, caracal, or black-

backed jackal at a camera station. Thus, we hypothesized 

that both ungulates abundance will be higher on sites with 

higher vegetation diversity (García-Marmolejo et al. 2015; 

Ampoorter et al. 2019), forage availability (Martin 2003; 

Havemann et al. 2016) and termite mounds (Mayengo et al. 

2020) and lower in sites with higher predator occurrence 

(Sinclair 1985; Harrington et al. 1999).

Data analysis

The time in front of the camera (TIFC) model

We estimated roan and sable densities using the TIFC 

model. The assumptions of TIFC are (i) cameras are ran-

domly placed relative to animal movement, (ii) animals are 

not attracted to or repelled by the cameras, and (iii) complete 

detection of animals in at least part of the camera field-

of-view (Warbington & Boyce 2020; Becker et al. 2022). 

Density estimates were calculated as follows:

The number of individuals was the number of animals 

on each photograph. Time in field-of-view was determined 

as the total time an animal spent in front of the camera in 

seconds, derived from the time recorded in the photos, and 

the total camera operating time in seconds was determined 

by converting total operating days to seconds (Becker et al. 

(1)Density(km2) =

∑

(number of individuals ∗ time in field of view in seconds)

(area of field of view ∗ total camera operating time in seconds)
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2022). Cameras were active for half day during the deploy-

ment and retrieval days, and for 24 h for the remaining 

surveying days. The area of field-of-view (surveyed by the 

camera), s , was calculable as

where α is the angle of the field-of-view and r the maximum 

distance (10 m) animals can be detected from the camera 

(Warbington and Boyce 2020). The α was set to 65.8 degrees 

(Camera Trap V7 User Guide 2020). The area of detection 

of the camera, s, for r = 10 m was 57.39 m. We combined 

density estimates for roan and sable in Blocks A and B (Rich 

et al. 2019). Our study was designed to minimize violations 

of TIFC model assumptions and all TIFC model calculations 

were performed in Microsoft Excel.

Poisson‑binomial N‑mixture model (PB)

The assumptions of the PB model are (i) population is closed 

between successive counts, (ii) no heterogeneity on detection 

probability, (iii) abundance at the sampling unit is Poisson 

distributed, (iv) sampling sessions are independent, and (v) 

no false-positive errors (Chaudhuri et al. 2022). Our data 

collection lasted less than 9 months, which allowed us to 

avoid violating the closure assumption because roan and 

sable have a gestation period of nine months (Martin 2003).

(2)s = � ∗ r
2
∗

(

�

360

)

To prevent false positives, we identified and counted 

individuals based on individual characteristics. Both roan 

and sable males tend to have larger and longer horns rela-

tive to adult females (Fig. 2; Estes 1991; Kimanzi 2011; 

Josling et al. 2019). Additional traits used were broken 

horn, and age class (adults and sub-adults based on height) 

(Fig. 3). Furthermore, the likelihood of false positives was 

reduced because in more than 90% of the detections, roans, 

and sables had a single detection per day across the entire 

block. There is a distinct dimorphism in sables: older males 

have shiny black coats, while females are dark brown and 

subadults and juveniles of both sexes tend to be a lighter 

shade of brown (Fig. 3; Martin 2003).

The PB modeling approach

To estimate roan and sable abundance from camera trapping 

count data per block, we used the PB model implemented 

in the unmarked package (Fiske and Chandler 2011), R v 

3.2.2 (R Development Core Team 2022). Derivation is based 

on true ecological state and observation (or detection) state 

(Royle 2004; Fiske and Chandler 2011):

1. The true ecological state. The species has a local abun-

dance in i sites  (Ni) with latent abundance that follows 

the Poisson distribution with parameter, λi.

Fig. 2  Adult male (a) and 

female (b) roan and male (c) 

and (d) female sable in the 

Mudumu National Park, north-

eastern Namibia

(a)                                                  (b)

(c)                                                  (d)
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2. Observation state. The repeated counts, cij, of the local 

population, Ni, follow a binomial distribution with 

parameter Ni and success parameter pij.

As suggested by Royle (2004), we determined Ni per 

block by multiplying the mean abundance (λ) per camera 

trap station by the number of sites per block. Abundance 

covariates and detectability covariates were modeled using 

the log-linear function according to Royle (2004) and Fiske 

and Chandler (2011):

(3)N
i
∼ Poisson(�)

(4)Cij ⋅ | ⋅ Ni ∼ Binomial(Ni, pij)

(5)log
(

�
i

)

= �0 + �
lxi

 where p is detection probability at site “i” and occasion “j.” 

We modeled abundance as a function by varying all possible 

combinations of covariates for roan and sable including null 

models (Chaudhuri et al. 2022). For roan in Blocks B and A, 

we fitted four candidate models with the most parametrized 

models being λ (termite mounds + grass cover) ρ(“.”) and 

(risk of predation + grass cover) ρ(“.”), respectively. For 

sable in Blocks B and A, we fitted four models with the 

most parametrized model being λ(grass cover + vegetation 

diversity) ρ(“.”) and λ(vegetation diversity + grass cover) 

ρ(“.”), respectively. ρ(“.”) indicates a constant detection 

probability. The goodness-of-fit of the global models was 

assessed using the parboot () function of the unmarked pack-

age (MacKenzie and Nichols 2004). Model identifiability 

(6)logit
(

pij

)

a0 + alxi,j

Fig. 3  Adult roan with a broken 

horn (a), roan sub-adults (b, 

c), and sable subadults (d–f) 

in the Mudumu National Park, 

northeastern Namibia

(a) (b)

(c) (d)

(e) (f)
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was assessed using K, which is the upper bound for discrete 

integration used by maximum likelihood to get the right esti-

mates of detection probability and abundance (Kéry 2018). 

We showed that models were valuable by being insensitive 

to three values of K (K = 100, 150, and 200) as the Akaike 

Information Criterion corrected for small sample size (AICc) 

remained the same (Kéry 2018).

We used the  AICc to rank candidate models based on 

the differences in the  AICc values (ΔAICc) (Burnham and 

Anderson 2002). Models having ΔAICc ≤ 2 were consid-

ered to be strongly supported by the data (Burnham and 

Anderson 2002). In such cases, we applied model aver-

aging with shrinkage using the modavgshrink () function 

in AICcmodavg package (Campos-Cerqueira et al. 2021). 

We estimated 95% confidence intervals for the regression 

coefficients of covariates in the best or averaged model 

and considered intervals that did not overlap zero to signal 

a strong impact on roan and sable abundance (Burnham 

and Anderson 2002; Lamichhane et al. 2020). All con-

tinuous variables were found not to be highly associated 

(Pearson ≥ 0.45) hence retained (Supplementary Informa-

tion 1, Table S1).

Results

The time in front of the camera (TIFC) model

Three camera sites were excluded because of camera theft. A 

sampling effort of 46 camera traps resulted in 2054 camera 

trap nights and a total camera deployment time is presented 

in Table 1. There were 283 independent photographs of roan 

from 23 survey stations and 222 independent photographs 

of sable from 20 survey stations (Table 1). TIFC model den-

sity estimates showed that MNP had fewer roans than sables 

(Fig. 4d).

Table 1  Encounters of roan and sable in Mudumu National Park, 

northeastern Namibia

Species Number 

of inde-

pendent 

photo-

graphs

Sites with 

encoun-

ters

Sites 

without 

encoun-

ters

Total time 

in field-

of-view

Camera 

deployment

Roan 283 23 23 252 s 175,478 

400 sSable 222 20 26 213 s

Fig. 4  Mean abundance (and 95% confidence intervals (CI)) of roan 

(a) and sable (b) per Blocks B and A, total abundance (c) from the 

Poisson-binomial N-mixture model, and density estimates (and 95% 

CI) of roan and sable (d) from the time in front of the camera model 

in the Mudumu National Park, northeastern Namibia
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Poisson‑binomial N‑mixture model

A sampling effort of 1024 camera trap nights across 24 cam-

era sites in the wet season (Block B) was achieved while 

1030 camera trap nights across 22 camera sites (Block A; 

three sites were excluded) in the dry season was achieved. 

The roan was detected at 13 survey stations in the wet sea-

son and at 10 in the dry season. The sable was detected at 

nine survey stations in the wet season and at 11 in the dry 

season. The estimated detection probability for roan in the 

wet and dry seasons were ρ = 0.03, 95% CI = 0.02–0.06 and 

ρ = 0.03, 95% CI = 0.02–0.05, respectively. The estimated 

detection probability for sable in the wet and dry seasons 

were ρ = 0.02, 95% CI = 0.01–0.04 and ρ = 0.005, 95% 

CI = 0.002–0.02, respectively. The mean roan abundance 

estimates per Block was the same between Blocks B and A 

(Fig. 4a), but mean sable abundance was higher in Block A 

than in Block B (Fig. 4b). Overall roan and sable abundance 

in Blocks B and A were 57 and 242, respectively (Fig. 4c, 

Table 2).

Influence of site covariates on roan and sable 
abundance

In both Blocks B and A, higher roan abundance occurred in 

sites with higher grass cover ( �
_

 = 0.03, 95% CI = 0.01–0.05, 

Fig. 5a) and ( �
_

 = 0.01, 95% CI =  − 0.01–0.02, Fig. 5b), 

respectively. In Block B, higher sable abundance occurred 

in sites with higher vegetation diversity ( �
_

 = 0.91, 95% 

CI =  − 0.38–2.19, Fig. 5c). In turn, in Block A, higher sable 

abundance occurred in sites with lower grass cover ( �
_

 

= − 0.02, 95% CI =  − 0.04–0.00, Fig. 5d) and lower vegeta-

tion diversity ( �
_

 = − 0.30, 95% CI =  − 1.1–0.50, Fig. 5e). 

Roan abundance was influenced by grass cover in Block B 

and may not have been in Block A as AICc ≤ 2 between the 

null and next model (Table 3). Sable abundance was influ-

enced by vegetation diversity in Block B as well in Block A 

in addition to grass cover (Table 4).

Discussion

Here, we provide the first camera trapping-based density and 

abundance estimates of roan and sable within their natural 

range at Mudumu National Park in northeastern Namibia, 

while the derived abundance and density estimates based 

on the TIFC and PB models were in general low which is 

consistent with the trend reported across Africa (Estes 1991; 

Grant et al. 2002; Martin 2003; Havemann et al. 2016). The 

density of 1.62 (95% CI 1.61–1.64) roan/km2 and 2.46 (95%  

CI 2.42–2.50) sable/km2 in the MNP are significantly lower  

than density estimates of both species reported in other 

national parks along their distribution, which range from 

3.32 to 108.25 roan/km2 and 23.76 sable/km2 in Kruger 

National Park (KNP), South Africa (Supplementary Infor-

mation 2, Table S2; Grant et al. 2002; Oladipo et al. 2019). 

Our study supports other unpublished work in the MNP 

finding that roan and sable appear to occur naturally at low 

densities and abundances (Supplementary Information 2, 

Table S2; Martin 2003; NACSO, 2023), even though roan 

had an increasing population trend and the sable a stable  

trend from 1980 to 2019 (Nauyoma  2023, submitted). 

Our study points to important relationships between habi- 

tat covariates and abundance for both species. The lower 

density and abundance estimates for both roan and sable in 

this study could be the result of several factors. No previ-

ously published density and abundance estimates for roan 

and sable were available, leaving open the possibility that 

they may occur naturally at low densities and abundances 

in the MNP. Some previous studies of these species outside 

Namibia have also shown low densities and abundances in 

their natural range (Supplementary Information 2, Table S2; 

Allsopp 1979; Van Lavieren and Esser 1980; Milligan et al. 

1982). The ecological carrying capacity, K, of the MNP is 

unknown, so it is impossible to determine the size of the 

roan and sable populations that can be supported indefi-

nitely by the resources available in the MNP. This is an area 

for future research. In addition, these large mammals are 

K-selected species, meaning that their population size will 

increase until it gradually reaches ecological K, where it will 

remain for several years (Bowyer et al. 2014; McCullough 

1999). K-selected species have long gestation periods of sev-

eral months, slow maturation, and thus provide extended 

parental care to their offspring, almost all of which survive 

and have few offspring (Bowyer et al. 2014; McCullough 

1999).

The PB model showed higher roan abundance in sites 

with higher grass cover, supporting a similar finding 

by Nauyoma (2023, submitted), that roans in the MNP 

were more likely to occupy sites with higher grass cover. 

Overall, our finding is consistent with previous studies in  

other parts of roan range that showed a positive relationship 

Table 2  The mean roan and sable abundance per camera trap, number 

of sites and total abundance in Mudumu National Park, northeastern 

Namibia

Species Block A 

abundance 

per camera 

site

Block A 

abundance 

overall (or 

number of 

sites)

Block B 

abundance 

per camera 

site

Block B 

abundance 

overall (or 

number of 

sites)

Total 

abun-

dance

Roan 1.33 22 1.14 24 57

Sable 9.54 22 1.34 24 242
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between roan occupancy and grassland for foraging (Joubert  

1976; Perrin and Taolo 1998; Schuêtte et al. 1998; Harrington  

et al. 1999; Martin 2003; Kimanzi 2011). The presence of 

tall grass species such as A. stipitata and A. meridionalis 

may also contribute to increased calf survival as both roan 

and sable hide their calves in these tall grasses during the 

calving period, which occurs at any time of the year (Martin  

2003; Kimanzi 2011). This finding is backed by roan being 

predominantly a grazer (Martin 2003; Havemann et  al. 

2016).

We found higher sable abundance in sites with higher 

vegetation diversity during the wet season. Variation in veg-

etation suggests that sable may be browsing during the rainy 

season and possibly avoiding interspecific competition with 

roan, which was more abundant in areas with higher grass 

cover (Martin 2003). In addition, Martin (2003) observed 

that sables are unable to cope with superabundant grass 

in good rainfall years and grass swards are underutilized, 

resulting in favorable conditions for tick irruptions. In con-

trast, we found higher sable abundance in areas with lower 

Fig. 5  Model-averaged abundance estimates of roan as a function of 

grass cover in Blocks B (a) and A (b); abundance of sable as a func-

tion of vegetation diversity in Block B (c); grass cover (d) in Block 

A; and vegetation diversity (e) in Block A in the Mudumu National 

Park, northeastern Namibia. All relationships were obtained from 

abundance models with ΔAICc < 2. Shaded regions indicate 95% 

confidence intervals



 European Journal of Wildlife Research           (2024) 70:28    28  Page 10 of 13

grass cover and lower vegetation diversity in the dry season. 

Predators, such as leopards and lions, are known to avoid 

areas with less vegetation cover considering their ambush 

predation type suggesting that sables may have avoided 

predator encounters in the dry season (Owen-smith 2019). 

In addition, higher roan abundance in sites with higher grass 

cover, as opposed to higher sable abundance in sites with 

lower grass cover, may indicate a lack of resource competi-

tion between the two antelope species in the MNP. Bianchi 

(1991) suggested that the distribution of sable in the Masebe 

Nature Reserve in South Africa may be related to avoidance  

of competition with other grazers such as impala, or to avoid- 

ance of predators. Overlap in resource use between ungulates  

increases interspecific competition for resources such as 

food, which affects reproduction and overall intrinsic growth 

rate (births, deaths, immigration and emigration) (Murray 

and Illius 2000; Mishra et al. 2004). Resource competi-

tion is an important density-dependent factor that has been 

shown to control population size in ungulates (Skogland 

1985; Mishra et al. 2004; Bowyer et al. 2014).

The PB model produced low detection probabilities 

(< 0.5), which are known to produce biased abundance 

estimates than other methods such as capture-recapture and 

distance sampling (Couturier et al. 2013). We consider that 

the low detection probabilities of roan and sable that we 

obtained in the MNP are a result of the uncommonness of 

these species in the study area. The assumptions of the TIFC 

and PB models were met, and we therefore interpreted the 

abundance estimates as a measure of absolute abundance 

rather than relative abundance (Gilbert et al. 2021; Chaudhuri  

et al. 2022; Becker et al. 2022). Despite the limitations of 

these methods, we encourage the widespread use of the 

TIFC and PB models to fill knowledge gaps about rare 

roan, sable, and other species inhabiting densely vegetated 

or remote terrain in Namibia and elsewhere in the world to 

help steer their preservation and management.

Conclusion

The density estimates of roan and sable in the MNP are 

lower than density estimates reported elsewhere in Africa 

(KNP and Kainji Lake National Park in Nigeria), backing 

the species national conservation status. It is clear from our 

study that roan abundance is most likely driven by higher 

grass cover, suggesting that this resource may contribute to 

Table 3  Candidate models for 

roan abundance (λ)in Blocks 

B (March–May 2021) and A 

(June–September 2021), with 

Akaike’s Information Criterion 

corrected for small sample 

sizes  (AICc), relative difference 

in  AICc values compared 

with the top-ranked model 

(ΔAICc), model weight  (AICc 

wt), number of parameters 

(K) and model likelihood (− 2 

log-likelihood) in the Mudumu 

National Park, northeastern 

Namibia

Block B

Candidate models AICc ΔAICc AICc Wt K  − 2 log likelihood

λ(grass cover) ρ(.) 295.68 0.00 0.73 3  − 144.23

λ(termite mounds + grass cover) ρ(.) 298.00 2.32 0.23 4  − 143.95

λ(.) ρ(.) 302.07 6.39 0.03 2  − 148.75

λ(termite mounds) ρ(.) 304.26 8.58 0.01 3  − 148.53

Block A

Candidate models AICc ΔAICc AICc Wt K  − 2 log likelihood

λ(.) ρ(.) 391.63 0.00 0.41 2  − 193.50

λ(grass cover) ρ(.) 391.86 0.23 0.36 3  − 192.26

λ(risk of predation) ρ(.) 393.89 2.26 0.13 3  − 193.28

λ(risk of predation + grass cover) ρ(.) 394.37 2.75 0.10 4  − 192.01

Table 4  Candidate models for 

sable abundance (λ) in Blocks 

B (March–May 2021) and A 

(June–September 2021), with 

Akaike’s information criterion 

corrected for small sample 

sizes  (AICc), relative difference 

in  AICc values compared 

with the top-ranked model 

(ΔAICc), model weight  (AICc 

wt), number of parameters 

(K), and model likelihood (− 2 

log-likelihood) in the Mudumu 

National Park, northeastern 

Namibia

Block B

Candidate models AICc ΔAICc AICc Wt K  − 2 log likelihood

λ(vegetation diversity) ρ(.) 317.81 0.00 0.62 3  − 155.31

λ(vegetation diversity + grass cover) ρ(.) 320.36 2.54 0.17 4  − 155.13

λ(.) ρ(.) 320.71 2.90 0.14 2  − 158.07

λ(grass cover) ρ(.) 322.28 4.46 0.07 3  − 157.54

Block A

Candidate models AICc ΔAICc AICc Wt K  − 2 log likelihood

λ(grass cover) ρ(.) 479.05 0.00 0.50 3  − 235.86

λ(vegetation diversity + grass cover) ρ(.) 479.18 0.13 0.47 4  − 234.41

λ(.) ρ(.) 485.10 6.05 0.02 2  − 240.23

λ(vegetation diversity) ρ(.) 487.66 8.62 0.01 3  − 240.16
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the persistence of roan. Therefore, potential management 

actions to support roan populations include the creation of 

grassland habitat. Although there are existing grasslands in 

the MNP, additional grasslands may be beneficial to increase 

roan population size. Grassland creation should take into 

account the habitat requirements of other herbivores, such 

as sable, which were more abundant in sites with less grass 

cover in this study. Current management of both species and 

other ungulates in the MNP includes dry season prescribed 

fires by management, which have been shown to result in 

reduction of moribund material, recycle nutrients, regener-

ate palatable grasses, provide wildlife habitat by control-

ling bush encroachment, and prevent severe fire hazards by 

reducing fuel loads such as dead trees and shrubs (Scholes 

and Walker 1993; Du Plessis 1997; Fabiano et al. 2020). We 

recommend that MNP’s fire management plan incorporate 

the habitat requirements identified in this study for roan and 

sable. For example, Park managers could use existing roads 

in the Park as firebreaks to control which areas are burned 

and introduce an annual rotation system of burning areas 

in the park (Du Plessis 1997). This could allow roan and 

sable to thrive in the Park by not burning all the habitats 

in the Park at once. Other active fire management could 

include rangers burning vegetation ahead of the fire to create 

a buffer and control which areas are burned, and extinguish-

ing or containing lightning fires to the smallest area possible 

(Turner et al. 2022). Park management should work with 

MNP's neighboring community-managed conservancies to 

ensure that fires do not cross jurisdictional boundaries. Pub-

lic education is important to prevent fires being started by 

people, either deliberately or accidentally, and if the smoke 

becomes too extreme and affects Park visitors and nearby 

communities, rangers can cool areas of fire with water and 

extinguish them as quickly as possible (Du Plessis 1997).

Supplementary Information The online version contains supplemen-

tary material available at https:// doi. org/ 10. 1007/ s10344- 024- 01783-6.
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